Journal of Experimental Marine Biology and Ecology 494 (2017) 10–19

Contents lists available at ScienceDirect

Journal of Experimental Marine Biology and Ecology
journal homepage: www.elsevier.com/locate/jembe

Large scale variability in the structure of sessile invertebrate assemblages in
artiﬁcial habitats reveals the importance of local-scale processes

MARK

Tiﬀany J.S. Simpsona,b,⁎, Dan A. Smalec, Justin I. McDonalda, Thomas Wernbergb
a
Department of Fisheries, Government of Western Australia, Western Australia Fisheries and Marine Research Laboratories, PO Box 20, North Beach 6920, Western
Australia, Australia
b
School of Plant Biology, University of Western Australia, 35 Stirling Highway, Crawley 6009, Western Australia, Australia
c
Marine Biological Association of the UK, The Laboratory, Citadel Hill, Plymouth, Devon PL1 2PB, UK

A R T I C L E I N F O

A B S T R A C T

Keywords:
Biofouling
Non-indigenous species
Temperature
Coastal infrastructure

Natural communities are structured by a complex suite of interacting physical and biological processes that
operate across multiple spatial and temporal scales. Documenting spatiotemporal variability in ecological
patterns can yield insights into the key processes inﬂuencing the distributions of species and structure of
communities. Many previous studies conducted in natural habitats have recorded systematic shifts in assemblage
structure along broad-scale latitudinal gradients, largely because of individual species' thermal aﬃnities.
However, it remains unclear as to whether similar patterns occur in artiﬁcial habitats, where patterns could be
decoupled from natural processes. In this study, we examined patterns of spatial variability in the structure of
sessile invertebrate assemblages in coastal infrastructure at multiple scales, including along a large-scale
latitudinal gradient in Western Australia (WA). We deployed settlement panel arrays to sample invertebrate
assemblages at 5 regions (in 2 seasons) along a latitudinal gradient spanning about 16° and > 2000 km along the
coast of WA. As sea temperature co-varies predictably with latitude in this system, the study also encompassed a
temperature gradient of about 10 °C. We examined spatiotemporal variability in several assemblage-level
metrics, including total biomass, total cover, taxonomic richness and multivariate structure, as well as variability
patterns for individual taxa. Unlike assemblages associated with natural habitats along the WA coastline, sessile
invertebrate assemblages on coastal infrastructure did not vary systematically with latitude/temperature.
Assemblage structure demonstrated little predictability at the regional scale, driven by processes including
variability in temperature and adjacent species pools. Rather local-scale variability (and presumably processes
and conditions acting at this scale) was far more important. This is an important consideration for coastal
managers as local factors (e.g. the design of coastal infrastructure, human activities, hydrodynamic processes
and propagule pressure) are likely to be important determinants of ecological pattern, with implications for the
spread and establishment of non-indigenous species, biofouling and general ecological structure and functioning.

1. Introduction
In marine ecosystems, the distributions of species, structure of
populations and composition of assemblages are inﬂuenced by a range
of abiotic and biotic processes that operate across multiple spatial and
temporal scales (Osman, 1977; Richmond and Seed, 1991; PerkolFinkel and Benayahu, 2009; Bulleri and Chapman, 2010; Airoldi and
Bulleri, 2011). Of the suite of interacting processes, large-scale gradients in ocean temperature may be of critical importance, as temperature
is one of the most fundamental factors in determining the ecophysiological performance, demography and geographical distribution
of marine organisms (Hutchins, 1947; Sunday et al., 2012; Wernberg

et al., 2013). It has long been known, however, that temperature is not
the sole determinant of ecological pattern, and species tolerances to
other environmental parameters as well as their resource requirements,
life history characteristics and dispersal capabilities are also important
in determining patterns of distribution (Osman, 1977; Brown et al.,
1996; Underwood et al., 2000; Lockwood et al., 2005; Clark and
Johnston, 2009; Kordas et al., 2011). Unravelling the relative importance of regional and local scale processes in driving patterns of
diversity and the structure of communities is a fundamental goal of
ecology (Cornell and Lawton, 1992), yet current understanding is
limited by a lack of studies conducted across suﬃciently large spatial
scales (Harrison and Cornell, 2008), particularly in the marine realm
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eastern boundary current which ﬂows poleward along the Western
Australian coast transporting warm water and bringing with it the
dispersal stages of a variety of warm-water marine fauna and ﬂora
(Pearce, 1991). Along this coastline, temperature has been described as
a principal driver of ecological patterns (Wernberg et al., 2011, 2013)
while other key environmental factors including wave exposure,
nutrient availability and light are relatively consistent along the
latitudinal gradient (Smale and Wernberg, 2009). This makes the WA
coastline a ‘model system’ for examining the relationship between
temperature and the structure of populations, communities and ecosystems (Smale and Wernberg, 2009; Foster et al., 2014).
Previous studies along the WA coastline have focused on how
assemblages of macroalgae (Wernberg et al., 2010, 2011, 2013),
benthic algae and invertebrates (Smale et al., 2010), demersal ﬁsh
(Tuya et al., 2011; Langlois et al., 2012) and highly mobile invertebrates (Foster et al., 2014) vary with latitude. These studies have been
conducted in natural habitats along the open coastline of WA, which are
characterised by high species turnover and rich assemblages of macroalgae, sessile invertebrates and demersal ﬁsh. Reef-associated assemblages exhibit predictable regional scale shifts in diversity and structure
associated with the oceanic temperature gradient (Smale, 2012;
Wernberg et al., 2013) but, as yet, no studies have examined variability
in assemblages associated with artiﬁcial habitats over similarly broad
spatial scales. To date, the only regional-scale studies on sessile
invertebrate assemblages developing on artiﬁcial substrata have been
conducted 3–5 km oﬀshore on rocky reef and sandy habitats and have
not demonstrated a clear inﬂuence of temperature (Smale, 2012, 2013).
Expanding the spatial scale and thermal breadth of observation will
allow a better understanding of the importance of regional-scale
variability (and processes acting at similar spatial scales) in assemblage
structure within artiﬁcial habitats.
Here we examined spatial and temporal variability in the structure
of sessile invertebrate assemblages inhabiting artiﬁcial habitats along a
large-scale latitudinal/temperature gradient in WA. The aims of this
study were: (1) to determine whether the structure of these assemblages
shifts predictably along a broad-scale latitude/temperature gradient;
(2) to determine the relative importance of local and regional-scale
variability in assemblage structure; and (3) to examine whether spatial
variability patterns are consistent in time (between summer and winter
sampling periods).

(but see Witman et al., 2004).
The vast majority of work examining the inﬂuence of latitudinal
gradients in ocean temperature on patterns of diversity and community
structure has stemmed from natural habitats, such as rocky reefs
(Rivadeneira et al., 2002; Wernberg et al., 2013) and soft sediments
(Ellingsen and Gray, 2002). However, artiﬁcial habitats such as breakwaters, jetties, ports and marinas now represent some of the most
common coastal habitat types in many regions (Bacchiocchi and
Airoldi, 2003; Bulleri and Chapman, 2004). Understanding the ecology
of artiﬁcial habitats, which continue to replace natural habitats in many
regions of the world, is increasingly important for managing anthropogenic impacts on marine biodiversity (Connell, 2000; Holloway and
Connell, 2002). The artiﬁcial hardening of coastlines through building
of infrastructure modiﬁes hydrodynamics and transport processes
(Martin et al., 2005), which has consequences for the structure and
functioning of ecosystems at local and regional scales (Glasby and
Connell, 1999; Airoldi et al., 2005; Martin et al., 2005). Where regions
are poorly connected by of a lack of suitable natural habitat, artiﬁcial
structures can act as stepping stones, diminishing geographical barriers
and facilitating the dispersal of species (Airoldi et al., 2005, 2015),
including sessile invertebrates which would naturally only disperse
larvae over short distances (Svane and Young, 1989; Osman and
Whitlatch, 1998). On a larger scale, human mediated vectors, such as
ballast water, can transfer propagules well beyond their natural range.
Artiﬁcially enhanced connectivity can increase both the ﬂow of genes
within species (Palumbi, 2003) and the ﬂow of species between habitats
and regions, including non-indigenous and pest species (Bulleri and
Airoldi, 2005; Glasby et al., 2007; Rius et al., 2014). The complexity of
interacting factors from the physical design of artiﬁcial habitats (Floerl
and Inglis, 2003), natural variability of recruitment processes (Connell
and Slatyer, 1977) and propagule pressure from various vectors (Drake
et al., 2005) makes the understanding the ecology of coastal infrastructure challenging, particularly as the driving mechanism could be
decoupled from natural processes.
There is strong evidence to suggest that assemblages of benthic
organisms associated with artiﬁcial structures can be very diﬀerent to
those associated with natural habitats (Glasby and Connell, 1999;
Connell, 2000; Holloway and Connell, 2002; Bulleri, 2005; Lam et al.,
2009). Diﬀerences between assemblages on artiﬁcial and natural
substrata occur very early on in succession and persist through time
(Bulleri, 2005). There are many important factors driving this distinction, including habitat orientation and complexity (Chapman and
Bulleri, 2003; Glasby and Connell, 1999), water motion (Floerl and
Inglis, 2003), loading of nutrients, sediments and pollutants (Piola and
Johnston, 2008; Daﬀorn et al., 2009) and the physical and chemical
structure of the substrate itself (Daﬀorn et al., 2009). These factors
inﬂuence the development of assemblages in artiﬁcial habitats, which
generally diﬀer in their composition and diversity from those in
adjacent natural habitats (Glasby, 1999; Bulleri and Chapman, 2004;
Vaselli et al., 2008). Moreover, artiﬁcial habitats are often linked with
the transfer and establishment of marine non-indigenous species (NIS)
(Carlton, 1996; Bulleri and Airoldi, 2005; Glasby et al., 2007). NIS are
often more common than native species on artiﬁcial substrata (Airoldi
et al., 2015), and they occur more frequently on coastal infrastructure
than would be expected by chance given the available species pool
(Glasby et al., 2007). Marine invasions are particularly common in or
near ports because of the inﬂuence of international shipping traﬃc
(Ruiz et al., 1997). Due to their increasing prevalence in coastal marine
ecosystems and their importance within the context of managing the
spread of NIS, examining multiscale spatial variability patterns in
assemblage structure within artiﬁcial habitats is a critical step towards
understanding processes underpinning ecological patterns.
Due to its spatial extent, spanning the tropics to temperate regions,
the coastline of Western Australia (WA) provides a useful latitudinal
gradient for studying changes in the structure of populations and
communities in response to temperature. The Leeuwin Current is an

2. Methods
2.1. Study area and sampling design
This study was conducted in collaboration with the WA Department
of Fisheries Marine Biosecurity Research team. As part of ongoing pest
species monitoring, settlement panel arrays are regularly deployed into
regional ports throughout the State. For this study, sampling was
conducted at 5 regions, with 2 sites nested within each. Regions
included Cygnet Bay, Carnarvon, Geraldton, Albany and Esperance,
spanning a geographical range of ~16° latitude (Fig. 1). Cygnet Bay is
the most northern and remote site. The sampling site was located on the
eastern side of the Dampier Peninsula on a pearl farm with minimal
hard structure and limited vessel traﬃc. This region had the largest
tidal variation, ranging from 1 to 10 m. Only one array was used in this
region, as the other was lost during the ﬁrst sampling period. Carnarvon
Boat Harbour contained 2 arrays, one on each side of the service jetty,
separated by only a few meters. The harbour was located on south of
the Gascoyne River on a stretch of reclaimed land. The two arrays in
Geraldton were located approximately 2 km from each other, one at the
commercial Fishing Boat Harbour and the other at the recreational
Batavia Coast Boat Harbour. In Albany, both arrays were located at the
Albany Port, about 700 m from each other. The Port is located south of
the city of Albany, within King George Sound. Esperance sites were
located within the Esperance Port, on an exposed point in Esperance
11
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Fig. 1. Map of study area a) whole of Western Australia with Australia inset, b) Cygnet Bay, c) Carnarvon, d) Geraldton, e) Albany, f) Esperance.

Bay, and the recreational Bandy Creek Boat Harbour, at the mouth of
Bandy Creek. All of the sampling sites, are classiﬁed as open ocean sites
and receive little estuarine inﬂuence or freshwater run-oﬀ. Only Bandy
Creek is prone to freshwater run oﬀ during the winter. All sites are also
predominantly characterised by soft sediment and seagrass benthos,
with minimal natural hard structure nearby. Further site details can be
found in the supplementary materials (Tables S1, S2).
At each site, a settlement array was deployed containing 8
horizontally-orientated, spatially-independent panels (10 × 10 cm gray
PVC plates, separated by ~10 cm). The arrays were designed to be free
running along a vertical rope with two buoys at the top and ballast at
the bottom to keep the panels suspended at a constant depth of ~ 1 m
even during tidal variation. While vertical structures such as pylons are
common in artiﬁcial habitats, in this study the panels were oriented
horizontally to provide a shaded surface similar to the underside of
pontoons and jetties. These panels were collected and analysed after
two immersion periods of three months each, the ﬁrst from November
2013 to February 2014 to document settlement during the summer
months and the second from June to September 2014 to document
settlement during the winter months. HOBO data loggers were

Fig. 2. Minimum, maximum and mean ( ± st dev) temperatures (°C) during summer and
winter sampling at all regions.
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deployed in each region to record temperature and light hourly (Fig. 2).

Table 1
Results of PERMANOVA testing for diﬀerences in a) percent cover, b) taxon richness and
c) biomass between regions for both sampling periods separately. Signiﬁcant p values are
indicated with asterisks (* p < 0.05; ** p < 0.01). Where signiﬁcant diﬀerences
between regions were observed, post hoc pairwise tests were conducted and signiﬁcance
accepted at p < 0.05 (CB – Cygnet Bay, C-Carnarvon, G-Geraldton, A-Albany, EEsperance).

2.2. Panel analysis
Following the 3-month immersion period, settlement panels were
removed from the water and frozen before being transported to the
laboratory. Upon analysis, each panel was defrosted and weighed to
determine the average total biomass accumulation from each site. A
gridded overlay 10 × 10 cm in size with 1 cm2 grid squares was placed
over each settlement panel and the dominant primary and secondary
sessile invertebrate taxa within each grid space were identiﬁed to the
lowest possible taxonomic levels and recorded to generate a proxy for
percent cover. Taxa often overgrew one-another, creating total percent
cover values in excess of 100% for most of the panels. Only the
undersides of the panels were analysed because the upper face was
primarily fouled with only algae and sediment.

Source

df

MS

Pseudo-F

P(perm)

Unique perms

2.042
11.161

0.2487
0.0001**

3503
9950

10.156
7.79

0.0905
0.0001**

3496
9950

24.7
22.8
1.9

1.074
11.993

0.4264
0.0001**

3369
9958

51.5
5.3
1.1

9.496
4.936

0.0173*
0.0024**

3111
9951

a) Total percent cover
Summer
Region
4
8950.2
Site(Region) 4
4353.8
Residual
61 390.1
Winter
Region
4
32,484
Site(Region) 4
3143.2
Residual
55 403.5
b) Taxon richness
Summer
Region
4
Site(Region) 4
Residual
61
Winter
Region
4
Site(Region) 4
Residual
55

2.3. Statistical analysis
Univariate and multivariate analyses were carried out using Primer
7 statistical software (Clarke et al., 2014) with the PERMANOVA addon (Anderson et al., 2008). The assemblage-level univariate metrics
examined were total percent cover, taxon richness and total biomass.
Euclidean distance resemblance matrices were constructed from untransformed data and permutational ANOVAs were conducted to
examine spatiotemporal variability. An initial ‘global’ analysis was
conducted with a full model including ‘Region’ (ﬁxed, 5 levels),
‘Sampling period’ (ﬁxed, 2 levels) and ‘Site’ (random, nested within
region). For the tests, 9999 permutations were conducted under a
reduced model. Variability in multivariate assemblage structure (as
deﬁned by the percent cover of all taxa) was examined with PERMANOVA using the same model as outlined above. Data were square root
transformed prior to analysis to down-weigh the importance of highly
abundant species and a Bray-Curtis similarity matrix was constructed.
For all variables, highly signiﬁcant (p < 0.002) interaction terms were
detected between ‘Sampling period’ and either ‘Region’ or ‘Site(region)’
(Table S3). To fully examine the interaction term, subsequent analyses
were conducted for the summer and winter sampling periods separately, using the 2-factor spatial model including ‘Region’ and ‘Site
(region)’. Univariate response variables were visualised with bar plots
for each sampling period and multivariate patterns were visualised with
metric principal coordinates (PCO) analysis. Where overall signiﬁcant
diﬀerences were detected (p < 0.05) between regions, pairwise comparisons between regions were conducted. Where signiﬁcant diﬀerences in multivariate assemblage structure were detected between
adjacent regions, a SIMPER analysis was also performed to determine
percentage contributions of individual taxa to any observed diﬀerences
between regions.
Finally, a RELATE test was conducted to examine serial correlation
between the observed similarity matrix and a model matrix constructed
from the latitudinal position of each region (Clarke et al., 2014). A
correlation coeﬃcient of 1 would indicate that shifts in assemblage
structure are correlated with changes along the latitudinal gradient.
This test was visualised with a non-metric MDS plot. Percent cover data
were averaged between the sites within each of the 5 regions, for each
sampling period separately.

Region pairwise: CB < C, all other
comparisons n.s.
c) Biomass
Summer
Region
Site(Region)
Residual
Winter
Region
Site(Region)
Residual

4
4
61

2170.6
2475.5
95.2

0.871
26

0.5086
0.0001**

3501
9954

4
4
55

2901.2
1041.6
76.5

2.738
13.62

0.1926
0.0001**

3511
9954

winter. Across all regions, a total of 28 taxonomic groups were
recorded, 68% were identiﬁed to the species or genus level and the
remaining 32% to coarser taxonomic groups, representing 7 phyla.
Mobile invertebrates and algae were not quantiﬁed, but exhibited no
obvious patterns across locations. Of the species able to be identiﬁed,
the majority were non-indigenous to Western Australia. We identiﬁed
15 (> 80%) introduced and 2 cryptogenic ascidians and bryozoans, 1
invasive colonial ascidian (Didemnum perlucidum) and 1 native ascidian
(Didemnum incanum). D. perlucidum was present in all regions except
Albany while D. incanum was present only in Albany. Though not
statistically signiﬁcant, both species exhibited higher abundance during
the winter sampling period. A list of taxa is shown in Table S4.
Total percent cover, taxon richness and total biomass exhibited
diﬀerent variability patterns (Table 1, Fig. 3). For total cover, variability between regions was not signiﬁcant whereas variability between
sites was highly signiﬁcant in both sampling periods (Table 1, Fig. 3).
Between-site variability was particularly pronounced at Geraldton in
summer and in Esperance in winter, where mean total cover at Bandy
Creek was almost twice that recorded at Esperance Port (Fig. 3). Taxon
richness, however, varied signiﬁcantly between regions during the
winter, with Cygnet Bay having signiﬁcantly lower richness values than
Carnarvon (Table 1). The lowest taxon richness values recorded for
both seasons occurred at Cygnet Bay and Esperance (Fig. 3), located at
opposite ends of the latitudinal gradient. Site level variability was
highly signiﬁcant (Table 1). In summer, variability between regions was
not signiﬁcant whereas variability between sites was signiﬁcant
(Table 1) and particularly pronounced at Esperance, where richness
values were 3-fold higher at Bandy Creek compared with Esperance
Port. Total biomass did not vary signiﬁcantly between regions but it did
vary signiﬁcantly between sites in both summer and winter (Table 1).

3. Results
In total, 144 settlement panels were analysed from 2 sampling
periods in 5 regions, spanning ~16°S to ~35°S and > 4000 km of
coastline. Mean summer temperatures ranged from 22 °C in Esperance
to 32 °C in Cygnet Bay. Mean winter temperatures ranged from 17 °C in
Esperance to 26 °C in Cygnet Bay, creating about a 10° temperature
gradient throughout the year (Fig. 2). At Cygnet Bay, the settlement
array from one of the sites was lost during summer and not replaced for
13
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Fig. 3. Univariate response variables for both summer and winter sampling periods (a - b) Total percent cover (c - d) taxon richness and (e –f) biomass from sampling at one site within
Cygnet Bay (Pearl), and two sites within Carnarvon (L, R), Geraldton (FBH, BCBH), Albany (B1, B3) and Esperance (BC, EP). Bars represent mean values (n = 8 panels) ± SE.

The greatest total biomass values during summer were recorded at
Batavia Coast Boat Harbour at Geraldton, due to a high abundance of
Bugula sp. and greatest values in winter at Left Jetty at Carnarvon due
to a high abundance of Amphibalanus sp. (Fig. 3). For all the univariate
assemblage metrics, no clear trends with latitude were recorded (Fig. 3)
and the high variability between sites may be largely due to the low
replication of settlement panels.
With regards to multivariate assemblage structure, variability
between both regions and sites was signiﬁcant in both sampling periods
(Table 2). Post-hoc pairwise testing between regions indicated that the
only assemblages that were signiﬁcantly diﬀerent from each other were
Cygnet Bay and Geraldton during summer and Cygnet Bay and
Carnarvon during winter (Table 2). The PCO plots showed some clear
partitioning between regions during both sampling periods, although
marked variability between sites was also observed for some regions
(e.g. Geraldton in summer, Fig. 4). A SIMPER analysis indicated that the
observed dissimilarity between Cygnet Bay and Geraldton in summer
was primarily driven by the presence of Watersipora sp. in Geraldton

Table 2
Results of PERMANOVA testing for diﬀerences in multivariate assemblage structure
between regions for both sampling periods separately. Where signiﬁcant diﬀerences
between regions were observed, post hoc pairwise tests were conducted and signiﬁcance
accepted at p < 0.05 (CB – Cygnet Bay, C-Carnarvon, G-Geraldton, A-Albany, EEsperance). Signiﬁcant p values are indicated with asterisks (*p < 0.05; **p < 0.01).
Source

df

MS

Pseudo F

P

Unique perms

Summer
Region
Site(region)
Residual

4
4
61

31,672
9058.8
535.71

3.4714
16.91

0.0004**
0.0001**

3500
9921

Region pairwise: CB ≠ G, all other
comparisons n.s.
Winter
Region
Site(region)
Residual

4
4
55

27,736
8654.3
722.35

3.1501
11.981

0.0086**
0.0001**

3533
9924

Region pairwise CB ≠ C, all other
comparisions n.s.
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Fig. 4. PCO plots indicating multivariate partitioning of assemblage structure between regions in both summer (a) and winter (b) sampling periods. Plots are based on Bray-Curtis
similarity matrices constructed from square root transformed data (CB = Cygnet Bay, C = Carnarvon, G = Geraldton, A = Albany, E = Esperance).
Table 3
Percentage contributions of individual groupings to observed diﬀerences between
signiﬁcantly diﬀerent regions, as determined by SIMPER analysis. Only the top 5
contributors to dissimilarities are shown. Average dissimilarities are parenthesised.
‘Mean covers’ relate to each region (in order) in the comparison, ‘Contr. %’ refers to
the contribution of each benthic grouping to diﬀerences between regions, and ‘Cum. %’ is
a running total of the contribution to the observed dissimilarity.
Mean cover 1
Summer
Cygnet Bay and Geraldton (92.09%)
Watersipora sp.
0
Diplosoma listerianum
5.91
Celloporaria sp. A
0
Pteriidae
4.68
Bugula neritina
0.22
Winter
Cygnet Bay and Carnarvon (96.49%)
Serpulidae
0
Bugula neritina
0
Schizoporella errata
0
Diplosoma listerianum
5.65
Watersipora sp.
0

Mean cover 2

Contrib%

Cum.%

6
0.42
4.7
0.84
3.1

17.63
16.48
13.75
11.74
9.2

17.63
34.11
47.87
59.61
68.8

8.53
8.42
5.3
0.61
4.15

20.27
20
12.72
11.66
9.8

Fig. 5. MDS plot indicating multivariate assemblage structure averaged within 5 regions
(2 sites per area with the exception of Cygnet Bay) for summer and winter sampling
periods and related to a seriation model. (Data square root transformed, Bray Curtis
similarity). Open symbols indicate regions during winter sampling and closed symbols
indicate regions during summer sampling. (CB = Cygnet Bay, C = Carnarvon,
G = Geraldton, A = Albany, E = Esperance).

20.27
40.27
52.98
64.64
74.44

larly during the winter.
The sites at Albany supported relatively high taxon richness,
particularly in winter, and the region was distinct from the other
regions because of the presence of some species not recorded elsewhere
(including Didemnum incanum and Botrylloides violaceus). There was an
average of 8 taxonomic groups identiﬁed per panel. Conversely, Cygnet
Bay was distinct because it supported the lowest richness, an average of
3 taxonomic groups per panel, and a high percent cover of D. listerianum
(Fig. 6). A PCO plot combining both sampling periods and overlaid with
vectors showing the taxa that were highly correlated with the PCO axes
(Fig. 6) provides support for Albany being distinct and high in
biodiversity compared to the other regions.
At the level of individual taxa, there were no clear patterns. Many
species including Diplosoma listerianum and Bugula neritina were present
in all regions but the abundance varied considerably and there was no
evidence of latitudinal trends (Fig. 7). Other species were only present
in one or two regions and may be partially driving diﬀerences between
sites but with such a high level of variability it is impossible to draw
conclusions from individual taxa.

and Diplosoma listerianum in Cygnet Bay (Table 3). The observed
dissimilarity between Cygnet Bay and Carnarvon during winter was
primarily driven by the high abundance of Serpulidae and Bugula
neritina in Carnarvon which was absent in Cygnet Bay and Diplosoma
listerianum present in Cygnet Bay but absent in Carnarvon (Table 3).
Variability in assemblages between the regions did not reﬂect the
sequential change in geographic position along the coastline (Fig. 4).
For example, based on latitude alone, Cygnet Bay would be expected to
pair more closely to Carnarvon but in both periods it was more closely
related to Esperance, which is geographically the most remote region.
This was an artefact of very low taxon richness in both Cygnet Bay and
Esperance. Diplosoma listerianum and Didemnum perlucidum, both widespread colonial species, were present in both assemblages and there
were very few other species to distinguish the two regions. As such,
there was a signiﬁcant but weak correlation between shifts in assemblage structure and distance along the coastline as demonstrated by a
RELATE test between assemblages and a linear model of seriation along
the latitudinal gradient (ρ = 0.32, p = 0.001). This was, to some
degree, evident from a PCO plot with assemblages averaged across
sites within each region (Fig. 5). In both sampling periods there was
separation between the northern regions of Cygnet Bay, Carnarvon and
Geraldton and the southern regions of Albany and Esperance. However,
the correlation was less than expected because of the similarity in
assemblages and richness between Cygnet Bay and Esperance, particu-

4. Discussion
The patterns of spatial variability in invertebrate assemblage
structure documented here were consistent with those reported by
Osman (2015) in that there was some predictability in patterns at the
15
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Fig. 6. (a) PCO plot comparing assemblages between sites and regions and the vector overlay (b) indicates which taxa were positively correlated (> 0.5) with the axes. The length of the
vector indicates the strength of the relationship.

invertebrate assemblages in artiﬁcial habitats did not show the same
clear patterns with latitude and are likely to be structured by contrasting processes acting at diﬀerent spatial and temporal scales.
Shifts in sessile invertebrate assemblages on artiﬁcial substrata in
WA were moderately correlated with latitude but, overall, assemblage
turnover was not predictable at large spatial scales. As such, diﬀerences
in other more localised factors, such as artiﬁcial habitat structure,
transport vectors, hydrodynamic conditions and water quality, were
perhaps more inﬂuential in determining assemblage composition than
the broad-scale gradient in latitude/temperature. There are likely to be
(at least) 3 reasons for this. First, assemblages were fairly homogenous,
with 14% of taxa sampled at all sites and 54% sampled in both
temperate and tropical regions. Rapid coastal development, the pro-

regional scale but local-scale variability (and presumably processes
acting at this scale) dominated overall patterns. Previous studies in WA
have demonstrated systematic changes in the structure of assemblages
of ﬁsh (Tuya et al., 2011; Langlois et al., 2012), mobile invertebrates
(Foster et al., 2014) and benthic ﬂora and fauna (Smale et al., 2010;
Wernberg et al., 2013) in natural habitats, which correspond with the
observed gradient in latitude and temperature. Such systematic shifts in
the structure of assemblages, from tropical to temperate aﬃnity, are
largely due to individual species' thermal tolerances (Langlois et al.,
2012; Wernberg et al., 2016). As such, regional-scale patterns of
assemblage structure in natural habitats are a product of processes
acting across both ecological (i.e. dispersal) and evolutionary timescales (Phillips, 2001; McGowran et al., 1997). However, sessile

Fig. 7. Mean percent cover of abundant and/or discriminatory taxa for summer and winter sampling periods for each region. Bars represent mean values (n = 8–16 panels) ± SE.
(CB = Cygnet Bay, C = Carnarvon, G = Geraldton, A = Albany, E = Esperance).
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also built for diﬀerent purposes and therefore have exposure to
diﬀerent vectors. Moreover, the pre-existing proximal benthic assemblages, and therefore the local species pool available for colonisation of
panels and their associated propagule pressure, almost certainly varied
between sites and adjacent regions. For example, Albany Port supports
the most vessel traﬃc of all of the regions so that the density, diversity
and inﬂux of dispersal stages may be greatest. During the year prior to
the deployment of settlement arrays, over 200 vessels went through the
Albany Port with 70% of them arriving from international waters and
5% arriving from interstate. This may explain why Albany generally
exhibited the highest taxon richness and presumably the highest
number of invasive species. These local scale factors appear to have
been more important than regional processes in determining distributions and abundances of sessile invertebrates.
Signiﬁcant variability between regions was observed for both taxon
richness (in winter) and multivariate assemblage structure (in both
winter and summer). In all cases, assemblages at Cygnet Bay were
distinct from the other regions. The Cygnet Bay region comprised only
one site, a pearl aquaculture lease, which was atypical in several ways.
Unlike other study sites, Cygnet Bay does not comprise large infrastructure, is not fully or semi-enclosed and receives very limited,
localised vessel traﬃc throughout the year. Furthermore, the region is
characterised by a large maximum tidal range (> 10 m) which creates
very strong tidal currents in the area. A combination of these factors
may reduce propagule pressure and the likelihood of successful
settlement and long-term survival of sessile invertebrates onto novel
artiﬁcial substrata. The SIMPER analysis showed that the statistical
dissimilarity between assemblages at Cygnet Bay and other regions
(Carnarvon and Geraldton) was largely driven by a greater richness and
abundance of invertebrate taxa at the other regions. The exception was
the colonial ascidian Diplosoma listerianum, a cosmopolitan species
common on artiﬁcial hard substrata, which dominated the panels at
Cygnet Bay. D. listerianum exhibits high growth rates and fecundity, can
quickly monopolise newly-available space in the absence of competitors
and generally develops a low-lying encrusting growth-form (Altman
and Whitlatch, 2007; Vance et al., 2009), which may have facilitated its
dominance at Cygnet Bay.
Spatial patterns of marine assemblage structure often vary in time,
and temporal sampling is therefore important to test whether observed
spatial patterns are stable and general (Smale, 2013). Changes in the
abundance of individual species can be dramatic as they undergo
recruitment pulses. For example, during summer there was a recruitment pulse of Bugula neritina in Carnarvon, causing an increase in
percent cover and in winter a pulse of Watersipora sp. caused an
increase in cover in Geraldton. But overall, at the assemblage level, the
spatial variability was more pronounced than the seasonal variation.
Assemblages on artiﬁcial structures are often characterised by a
lower diversity of species compared with surrounding natural habitats
(Bacchiocchi and Airoldi, 2003; Chapman, 2003; Vaselli et al., 2008).
Along the WA coast, the structure of sessile invertebrate assemblages on
artiﬁcial substrata varied signiﬁcantly between regions and sites, but
taxon richness was consistently low. This study has added support to
the view that sessile invertebrate assemblages associated with coastal
infrastructure are very diﬀerent to natural reef assemblages (Glasby and
Connell, 1999; Bacchiocchi and Airoldi, 2003) and are drastically
reduced in biodiversity. As such, the continuation of coastal development, including coastal hardening is likely leading to global homogenization of a few non-indigenous taxa. Processes controlling biodiversity are also very diﬀerent. While regional-scale variability patterns
of natural assemblages in many systems is strongly aligned with
regional-scale gradients in temperature and natural dispersal, assemblages associated with coastal infrastructure are more controlled by a
complex interaction of factors and processes acting at local scales. This
is an important consideration for natural resource management and for
the design of coastal infrastructure, as physical features, location and
human activities associated with artiﬁcial habitats are likely to

liferation of artiﬁcial habitats and increased dispersal vectors (i.e.
shipping) have caused, and will probably continue to cause, a homogenization of the global marine biota (McKinney and Lockwood, 1999;
Bulleri and Chapman, 2010). In the current study, > 80% of taxa
resolved to species level were classiﬁed as cosmopolitan, introduced or
invasive and, as such, are likely to have wide environmental tolerances
and widespread distributions. This contrasts with assemblages typical
of natural habitats which are considerably more diverse (Smale et al.,
2010; Foster et al., 2014) and comprise species with relatively narrower
environmental tolerances and restricted geographic distributions
(Langlois et al., 2012). Biotic homogenization, or the replacement of
local biotas with non-indigenous species causing reduced spatial
diversity (McKinney and Lockwood, 1999), was evident in this study.
The most abundant species on the recruitment panels were encrusting
bryozoans and colonial tunicates, which are early successional species
and able to colonise new surfaces quickly (Floerl et al., 2004). They
have global distributions and are known to inhabit temperate, subtropical and tropical waters and become established in a wide range of
conditions (Crooks et al., 2009). Similarly, a high abundance of
introduced and cryptogenic ascidians and a low prevalence of native
species were found in large-scale studies of ports and harbours in both
South Africa (Rius et al., 2014) and the Mediterranean (López-Legentil
et al., 2015). In WA, these species showed no clear trend in abundance
with latitude and their distributions are likely to be strongly inﬂuenced
by dispersal factors and local conditions. This homogenization of biota
is increasing at a global scale through urbanisation, increased shipping
activities and increased coastal activities (Ruiz et al., 1997; McKinney
and Lockwood, 1999; Bulleri and Chapman, 2010).
Second, connectivity between populations and assemblages inhabiting natural habitats along the WA coastline is not restricted by obvious
biogeographical barriers or a lack of habitat availability (Tuya et al.,
2011) which may facilitate north-south turnover of species. On artiﬁcial
infrastructure, however, suitable habitats may be geographically disparate; in this case the regions are separated by hundreds of kilometres,
while dispersal patterns associated with vectors may be deﬁned by
shipping and other human activities. Within natural habitats in WA,
marked dissimilarity in the structure of mobile invertebrate assemblages between tropical and temperate regions was observed (Foster
et al., 2014). However, in this study over half of the species and
taxonomic groups were present in both temperate and tropical ecosystems but not necessarily present in adjacent regions or even sites. For
example, Didemnum perlucidum and several of the bryozoan species
were present in the extreme north and south regions but not recorded in
Albany. Hydroids were also present in Cygnet Bay and Esperance but
not in the other regions. Within any given artiﬁcial habitat, the design
and extent of infrastructure will strongly inﬂuence the retention and
exchange of water and dispersal stages (Bulleri and Chapman, 2010),
which could promote between-site and between-region variability. At
some sites, populations may be maintained by relatively few breeding
adults or regularly replenished by incoming dispersal stages transported
by various vectors. Clearly, the transfer of dispersal stages between
regions and sites, local propagule pressure from established populations
and small-scale hydrodynamic processes are likely to inﬂuence assemblage development (Floerl and Inglis, 2003; Bulleri and Chapman,
2010; Hedge and Johnston, 2012).
Third, studies conducted on natural habitats have selected for
similar habitat types (e.g. subtidal rocky reefs) and many of the key
environmental factors including wave exposure, nutrient availability
and light are relatively consistent along the latitudinal gradient (Smale
and Wernberg, 2009). Comparable sites in these studies may exhibit
less local-scale variability in structure so that regional-scale processes
may be of relatively greater importance. Here, artiﬁcial habitats were
examined using standardised settlement panels but the physical and
biological characteristics of the sites varied considerably. Physical
characteristics of the infrastructure, in terms of size, age, depth and
exposure, varied considerably between sites and regions. They were
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the spread and establishment of non-indigenous species, biofouling and
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